risks. If the criteria for lower tiers do not indicate risk, further refi nements of the risk assessment are not needed. This was not the case in the earlier assessment where lower-tier risk criteria were exceeded and potential hazards to aquatic organisms were identifi ed (Giesy et al. 1999 ). However, these potential hazards were not consistent with the lack of incident reports, such as fi sh kills, attributable to use of chlorpyrifos in agriculture (Giesy et al. 1999 ) . Refi nement of the earlier ERA by the use of Species Sensitivity Distributions (SSDs) and measured concentrations of CPY in surface waters showed that, in almost all locations in the U.S., risks associated with use of CPY in agriculture were either negligible or de minimis (Giesy et al. 1999 ) .
Since the 1999 ERA for CPY was written, there have been refi nements in the process of risk assessment and additional data have become available for toxicity and exposures in surface waters. In addition, there have been changes in the labeled uses of CPY ; most notably, removal of termite control and residential uses of CPY in 2001. The former uses involved large rates of application (with attendant potential for large environmental exposures), and the changes in the labels signifi cantly reduced exposures from relatively uncontrolled uses in urban environments (Banks et al. 2005 ; Phillips et al. 2007 ). Availability of additional data and changes in use patterns prompted the reassessment of risks to aquatic organisms from use of CPY in agriculture in the U.S., the results of which are presented here. Since lower-tier assessment had already indicated risk for CPY in surface waters (Giesy et al. 1999 ) , the lower tiers were omitted from this ERA. The current assessment focused on a refi ned approach that employed SSDs and results of community-level studies in microcosms and mesocosms ("cosms") as points of departure for toxicity, and refi ned modeling of concentrations in surface waters , in this volume) to characterize exposures. Concentrations of CPY measured in surface waters were used as a check on the estimates of exposures predicted by use of simulation models ) and as another line of evidence in the ERA. (Banks et al. 2005 ; Phillips et al. 2007 ) and sediments (Ding et al. 2010 ) until label changes occurred in 2001. All current labeled uses of CPY are in agriculture, thus sources from urban uses were omitted from the conceptual model. As is discussed in more detail in Williams et al. ( 2014 ) , CPY can enter surface waters via several routes ( Fig. 1 ) , although some are of lesser importance. CPY is not registered for direct application to surface waters and the relatively large K OC (973-31,000 mL g −1 Solomon et al. 2014 ) mitigates against leaching and movement via groundwater. Spills might occur but, because they are episodic and cannot be predicted, the current labeled uses were the focus of this review. The major potential sources for exposures of aquatic organisms are run-off, erosion, and tail waters with lesser inputs via drift of sprays and deposition from the atmosphere .
CPY adsorbs to surfi cial sediments in water-bodies, and residues of CPY have been detected in surfi cial sediments in streams and creeks in areas of use. In a few cases, observed toxicity in sediments collected from agricultural drains, creeks, and rivers in California was linked to the presence of CPY (Phillips et al. 2012 ; Weston et al. 2012 ) . However, in most locations CPY contributed less to toxicity of sediments than other pesticides such as pyrethroids (Amweg et al. 2006 ; Ding et al. 2010 ; Ensminger et al. 2011 ; Phillips et al. 2006 ) .
CPY is bioconcentrated and/or bioaccumulated into aquatic organisms to a limited extent. Measures of bioconcentration factors (BCFs), bioaccumulation factors (BAFs), and biota-sediment accumulation factors (BSAFs) are relatively small . One literature report gave a biomagnifi cation factor (BMF) in Risks to Aquatic Organisms from Use of Chlorpyrifos in the United States fi sh; the value was 0.32 for Aphanius iberus sp. (Varo et al. 2002 ) , which is not indicative of biomagnifi cation. CPY is metabolized by a variety of aquatic organisms and results of studies in model food chain cosms (Metcalf et al. 1971 ; Metcalf and Sanborn 1975 ) did not suggest that CPY will biomagnify to a toxicologically signifi cant extent in food chains found in surface waters. Because of the relatively small BCF and BMF values, exposures of terrestrial wildlife that consume aquatic food items were excluded from this risk assessment (Fig. 1 ) . For the same reason, exposures of fully aquatic organisms will mostly be via uptake directly from water, although some dietary exposure to CPY might result from residues adsorbed to food items such as algae, macrophytes, and invertebrates, or from ingested sediment particles. Exposures and risks to terrestrial birds through consumption of granules and terrestrial food items are addressed in a companion paper (Moore et al. 2014 ).
Toxicity of Chlorpyrifos
The mechanism of toxic action of CPY is through inhibition of acetylcholinesterase (AChE) by the active metabolite, chlorpyrifos oxon (CPYO). The specifi cs of the mode of action are discussed in greater detail in the companion paper ). Inhibition of AChE by CPYO is reversible and, in the case of sublethal exposures, recovery of AChE can occur. AChE is a key enzyme in the nervous systems of most animals, and direct effects of CPY will occur at much smaller exposure concentrations than in organisms that lack the target enzyme, such as plants. Insects and crustaceans are generally more sensitive to CPY than are fi sh or amphibians (Giesy et al. 1999 ) . The primary focus of this ERA is CPY and CPYO. Other metabolites and breakdown products, such as trichloropyridinol (TCP), are much less toxic (USEPA 2008 ) and are not addressed.
Effects of CPY on animals range from lethality to minor symptoms from which animals recover. Most testing of toxicity of CPY to aquatic animals has used lethality as the measurement endpoint, with results usually expressed as the LC50 or the no-observed-adverse-effect-concentration (NOAEC). Fish are an exception since a number of studies have characterized sublethal and behavioral responses.
Sublethal Effects on Aquatic Animals
Several studies have reported effects of CPY on behavior of arthropods and fi sh. Interpretation of these studies presents diffi culties, because it is not always clear if the observed responses are alterations in normal behavior specifi cally induced by the pesticide or changes in behavior in response to general stress or symptomology of the toxicity. This distinction can be addressed in specifi cally designed tests such as have been used to assess aversion to ingestion by birds (Moore et al. 2014 ) . In studies of the prawn Macrobrachium rosenbergii , effects on feeding were observed at concentrations less than half the 24-h LC 50 of 0.7 μg L −1 (Satapornvanit et al. 2009 ). These effects persisted for at least 4 h after cessation of exposure to CPY, but it is not known if these were truly behavioral responses or symptoms of sublethal poisoning.
A number of studies of sublethal effects of CPY on fi sh have been conducted, some of which have focused on olfactory perception and others on behavior. Much of the research on effects of CPY and other pesticides on behavior has focused on migratory species of salmon because of their societal importance and the need for migratory species to be able to sense chemicals in water to successfully navigate to breeding waters. Exposure of the olfactory epithelium of Coho salmon ( Oncorhynchus kisutch ) to 0.7 μg CPY L −1 caused a 20% loss of sensory function as measured by neurophysiological response to salmonid bile salt and l -serine (Sandahl et al. 2004 ) . Since these studies were conducted in the laboratory, the changes in sensory function were not evaluated at the level of the whole-animal. Several studies have linked effects of CPY on the sensory epithelium and behavior to inhibition of AChE. Working with juvenile Coho salmon ( Oncorhynchus kisutch ) exposed to CPY at concentrations between 0.6 and 2.5 μg L −1 , Sandahl et al. ( 2005 ) showed that spontaneous swimming rate and food strikes were correlated (r 2 0.58 and 0.53, respectively) with inhibition of AChE activity in the brain. Other studies of effects of CPY in the same species showed that thresholds for different behaviors were related to inhibition of AChE (Tierney et al. 2007 ) . Thresholds for effects of CPY on swimming behavior ranged from 20 to 35% inhibition of AChE. Zebrafi sh ( Danio rerio ) exposed to 220 μg CPY L −1 for 24 h exhibited impaired swimming behavior (p <0.01) and a concentration-response relationship was observed at concentrations greater than 35 μg L −1 (Tilton et al. 2011 ) . Similarly, locomotory behavior of mosquito fi sh, Gambusia affi nis , was affected by exposure to 60 μg CPY L −1 for 20 d (Rao et al. 2005 ) . Although exposures to concentrations of CPY of 100 and 200 μg L −1 caused depression of whole-body AChE (≈60% of controls) in tadpoles of Rana sphenocephala , there were no effects on swim-speed or vulnerability to predation (Widder and Bidwell 2006 ) .
Most of the reported behavioral responses of fi sh to CPY were related to inhibition of AChE. These observations are consistent with current understanding of functions of AChE in the nervous system. It is also not surprising that mixtures of carbamate and organophosphorus pesticides have the same effect as single compounds and that they act additively and sometimes synergistically (Laetz et al. 2009 ). However, when assessed in the context of actual exposures in the environment, risks are small as the pesticides must co-occur temporally and spatially to cause ecological effects. Even when total potencies of mixtures of insecticides are considered, exposures that inhibit AChE at concentrations greater than the threshold for effects on behavior rarely occur in key locations for valued species, such as salmon in the Pacifi c NW (Moore and Teed 2012 ) .
Although effects on behavior due to inhibition of AChE can be observed in vertebrates, these have not been experimentally related to effects on survival, development, growth, and reproduction of individuals or ecosystem stability or function in a quantitative manner. Therefore, they cannot be incorporated into an ERA at this time.
Little information has been reported on the effects of CPY or other insecticides on behaviors of other aquatic vertebrates and, to our knowledge, there have been no robust extrapolations of effects on behavior to the endpoints of survival, development, growth and reproduction. For this reason, we excluded behavioral responses from this risk assessment, because it is still uncertain as to how one interprets the data, either for CPY or all other pesticides.
Few studies on aquatic organisms have reported effects on reproduction directly caused by CPY. Chronic exposure of the guppy ( Poecilia reticulata ) to CPY (commercial formulation) for 14 d at nominal concentrations of 0.002 and 2 μg L −1 resulted in concentration-related reductions in the frequency of reproductive behavior (gonopodial thrusts) in males (De Silva and Samayawardhena 2005 ) . The number of young born per female over the 14-d period was reduced from an average of 27 in the controls to 24 in pairs exposed to 0.002 μg CPY L −1 and 8 in pairs exposed to 2 μg L −1 . Activity of AChE was not reported in this study, so it is diffi cult to relate these chronic effects to response of AChE in other studies on behavior or to shorter exposure durations in the fi eld . Another study on tadpoles of Rana dalmatina (Bernabo et al. 2011 ) reported that exposures to concentrations of 25 or 50 μg CPY L −1 from Gosner stage 25 to 46 (57 d) increased the incidence of testicular ovarian follicles (TOFs). This observation was reported at environmentally unrealistic concentrations and is the only report of this response for CPY; no other reports of TOFs in fi sh or amphibians were found in the literature. There appeared to be no effects of these exposures on mortality or time to metamorphosis. No measurements of AChE activity were reported and the effects on reproduction were not characterized. Because of the paucity of data, we excluded the effects of CPY on reproduction from this assessment. However, we indirectly addressed the endpoints in some of the cosm studies, where signifi cant changes in reproduction of invertebrates would likely be encompassed in responses at the population level.
Toxicity of CPY and Temporality of Exposures
Frequency, duration, and intervals between exposures to CPY will infl uence responses observed in receptor organisms. These differences in response will result from variations in toxicokinetics and toxicodynamics of CPY in the environment and in individual organisms. The hydraulics of surface waters and variability of inputs from uses and precipitation events shape the types of exposures to pesticides experienced by organisms in fl owing waters (Bogen and Reiss 2012 ) . These are further altered by the individual properties of pesticides, such as rates of degradation and/or tendency for partitioning into sediments. As illustrated elsewhere in this volume , most exposures to CPY in fl owing waters are less than 2 d in duration and are followed by periods of lesser or no exposure. These episodic exposures are typical of what is observed in fl owing waters for pesticides in general and are relevant to this risk assessment.
As was pointed out in an earlier risk assessment of CPY (Giesy et al. 1999 ) , exposures via the matrix of the organism (water in this case) are driven by thermodynamic processes, such as partitioning into the organism as well as kinetic processes related to rates of diffusion, transport, etc. This means that the critical body burden associated with the threshold of toxicity is not reached until sometime after exposure is initiated. This has been demonstrated for CPY (Giesy et al. 1999 ) and other organophosphorus insecticides (Bogen and Reiss 2012 ) . The relationship between time of exposure and toxicity is reciprocal, with shorter exposures at greater concentrations resulting in the same level of response as lesser concentrations for longer durations. This reciprocal relationship was demonstrated in studies of effects of CPY on Daphnia magna exposed to CPY for varying durations (Naddy et al. 2000 ) . For example, continuous exposures to 0.25 μg L −1 CPY resulted in 100% mortality in 5 d, while exposures for 1 d followed by transfer to clean water resulted in only 17% mortality, and then only after 16 d (Naddy et al. 2000 ) . Whether this is the result of a delayed (latent) response or other causes, including regeneration of AChE activity, is uncertain; however, given the recovery observed in other Crustacea (below), the latter is a more plausible explanation. Where multiple episodic exposures occur, recovery from toxic effects between exposures can affect responses of exposed organisms. This was demonstrated in the greater response of D. magna exposed to the same concentration of CPY for 1 × 12 h compared to animals exposed for 2 × 6 h, 3 × 4 h, or 4 × 3 h with a 24-h interval between pulses (Naddy and Klaine 2001 ) . Here, the interval between exposures likely provided time for detoxifi cation and excretion of CPY, recovery of the target enzyme AChE by dephosphorylation (k 3 in Fig. 4 in Solomon et al. 2014 ) , and/or synthesis of new AChE (Naddy and Klaine 2001 ) .
Recovery of AChE inhibited by CPY has been observed in arthropods and fi sh. After exposure of D. magna to the 24-h LC 50 concentration, whole-body activity of AChE (50% of unexposed control at time of removal to uncontaminated water) recovered to control activity within 24 h when animals were moved to clean water (Barata et al. 2004 ) . After exposures of larvae of the midge Kiefferulus calligaster to 0.38, 1.02, or 1.26 μg L −1 CPY for 3 d, concentration-dependent depression of activity of AChE as great as 90% was observed (Domingues et al. 2009 ). When transferred to fresh medium for a further 3 d, AChE activity returned to control values. Similar recovery of activity of AChE was observed in the shrimp ( Paratya australiensis ) exposed to CPY for 96 h at concentrations from 0.001 to 0.1 μg L −1 and then moved to clean medium for 48 h or 7 d (Kumar et al. 2010 ) . Complete recovery was dependent on exposure concentration and recovery time. Recovery after a 7-d exposure to 0.025 μg L −1 occurred in 7 d, but after exposure to 0.1 μg L −1 , recovery was not complete within 7 d. Whether this recovery resulted from dephosphorylation of AChE or synthesis of new AChE is not known. However, it is clear that recovery occurs and that recovery times are of the order of 1 to ~7 d.
Studies of fi sh exposed to CPY suggest that recovery of AChE in fi sh takes longer than in arthropods. No recovery of brain-or muscle-AChE was observed within a 4-d period in mosquitofi sh ( Gambusia affi nis ) exposed to 100 μg CPY L −1 for 24 h (Boone and Chambers 1996 ) . This exposure resulted in 70% inhibition of these enzymes. In another study of the same species, exposure to 297 μg CPY L −1 for 96 h resulted in 80% inhibition of brain-AChE (Kavitha and Rao 2008 ) , but activity had recovered to control levels after 20 d in clean water. AChE activity in the brain of Nile tilapia, Oreochomis niloticus , exposed to 10 μg CPY L −1 for 24 h declined to 47% of control values but, after transfer to clean water, recovered to 55% after 7 d and 63% after 14 d (Chandrasekera and Pathiratne 2005 ) . After 14-d exposures of the guppy ( Poecilia reticulata ) to 0.325 μg CPY L −1 , activity of whole-body AChE was 22% of that in control fi sh (van der Wel and Welling 1989 ) . Following removal to clean water for a further 14 d, activity of AChE had recovered to 40% of that in control fi sh. Similar observations have been reported for other organophosphorus insecticides. For example, activity of brain-AChE in Atlantic salmon parr ( Salmo salar ) exposed to formulated fenitrothion (50% inhibition at initiation of recovery) and transferred to fresh water, recovered to 66% of control values in 7 d and 93% in 42 d (Morgan et al. 1990 ). It is not known if AChE recovery rates in fi sh differ among organophosphorus insecticides having O -methyl (fenitrothion) or O -ethyl (CPY) substituents, and whether there are models, with which recovery rates can be extrapolated.
If, as is generally suggested (Morgan et al. 1990 ), recovery of phosphorylated AChE in fi sh requires synthesis of new enzyme, rates of recovery would be slow and dependent on rates of metabolism and the physiological and biochemical characteristics of fi shes, which appear to be unknown. In the absence of having a model for predicting recovery periods, empirical observations suggest that inter-exposure intervals of the order of 4-8 wk might be required for complete recovery of AChE in fi sh. This period was incorporated into the ERA (Sect. 4.2 ).
Protection Goals and Assessment Endpoints
Protection goals and assessment endpoints are strongly linked and do not change as higher tiers or refi nements are applied in the ERA. The protection goals applied in this assessment were to protect populations and communities of most aquatic organisms most of the time and at most locations. Specifi cally, Species Sensitivity Distributions (SSDs) were used (Posthuma et al. 2002 ) for crustaceans, insects, and fi sh to calculate the 5th centile (also referred to as the HC5) as a community-focused endpoint. Because of functional redundancy and resiliency, some effects on a small proportion of species can be tolerated in an ecosystem and the 5th centile of these distributions has been shown to be generally protective of ecosystems and the services that they provide (Brock et al. 2006 ; Maltby et al. 2005 ) . Furthermore, based on results of studies in the fi eld and in cosms, exposures equivalent to the 5th centile appear to not cause adverse effects on populations or communities. This is due in part to reduced bioavailability compared to exposures of organisms under laboratory conditions, and to more rapid dissipation of CPY under fi eld conditions.
Conceptual Models of Effects
Based on the likely effects of CPY on aquatic animals, a conceptual model for effects was constructed to serve as a guide for developing risk questions and hypotheses (Fig. 2 ) . Fish and amphibians are less sensitive to direct effects than crustaceans and insects but they could be affected indirectly via alterations of the food web (Fig. 2 ) . As discussed above, exposure via the food chain was not considered in this ERA.
Analysis Plan
The previous assessment of risks of CPY in surface waters of the U.S. (Giesy et al. 1999 ) began with a lower-tier deterministic characterization of risk quotients (RQs, also referred to as hazard quotients, HQs) and then advanced through several tiers of refi nement to a probabilistic assessment of risks based on comparisons of SSDs to distributions of measured concentrations of CPY in surface waters. Because lower tiers are designed to be conservative and to be applied when few data are available, they are not applicable to CPY, for which there is a wealth of data. Thus, the risk assessment was focused on the upper, more refi ned, tiers. SSDs were used to characterize acute effects, and these distributions were compared to concentrations predicted by simulation models and concentrations measured in surface waters. Episodic exposures of aquatic organisms to CPY in fl owing waters were assessed for several scenarios that were selected to represent typical situations ) and reasonable worst-case exposures, relative to times necessary for arthropods and fi sh to recover during intervals between exposures. In addition, responses and recoveries in microcosms were compared to modeled and measured exposures.
Characterization of Effects
The toxicity of CPY to non-target organisms was extensively reviewed in 1995 (Barron and Woodburn 1995 ) and this review was used as an initial reference source. Toxicity data from acute studies in aquatic organisms also were obtained from the USEPA ECOTOX database (USEPA 2007 ) , from studies conducted by Dow AgroSciences, and from the open literature (SI Table 1 ).
Evaluation and Selection of Data
Studies were assessed for appropriateness by using criteria (Table 1 ) similar to those recommended for assessing studies for inclusion in the International Uniform Chemical Database (IUCLID) (Klimisch et al. 1997 ) , except that numerical values were assigned to the individual criteria. Scores used to characterize studies are described below, and these were mostly used to assess data from the open literature. Guideline studies conducted under Good Laboratory Practice (GLP) with full Quality Assurance/Quality Control (QA/QC) were given the maximum score unless they had <5 concentrations of exposures, the recommended number for guideline studies such as those of OECD.
Applied experimental procedures were scored from 1 to 5 (Table 1 ) . A score of 1 was assigned if the design was inadequately described or incorrect and a 5 if it was complete, such as a guideline study conducted under GLP and with a clear protocol. Examples of factors considered when judging study quality were: incomplete description of the methods, inappropriate designs such as pseudoreplication and lack of appropriate controls, lack of information about test organisms, replicates, or number of test subjects per replicate, lack of an adequate description of the purity or form of the test substance, inappropriate statistical comparisons, lack of details about husbandry of organisms, lack of details on analytical methods, etc.
The use of QA/QC was scored from 1 to 5 (Table 1 ) . If there was full QA/QC, the score was 5. Scores of 2-4 were assigned based on the amount of QC, such as, for example, measurements of exposure concentrations at the start of the study only (score = 2) or measurements of exposures and other parameters at regular intervals (score = 3). Transparency of data was scored from 1 to 5 (Table 1 ) . If critical data were not provided, a score of 1 was assigned. If full raw data were provided, the score was 5. If data were provided in tables and graphs, intermediate scores were assigned depending on the clarity of the data and the description of variance, etc.
Most concentration-response study guidelines require that fi ve concentrations be used in a toxicity test; therefore, fi ve test concentrations were used to defi ne a maximum score (5). It was recognized that, in some circumstances, the use of fewer concentrations could still provide useful data, particularly if the concentrationresponse curve was steep. These studies were, however, assigned lesser scores.
The overall evaluation of the strength of the methods was obtained from the computed average of the scores. Toxicity data for inclusion in the risk assessment were selected based on the overall score. Guideline and GLP studies with full QA and QC, and studies with scores of ≥4, were preferred. Studies with scores of <4 ≥3 were included as qualifi ed values and those with scores <3 were not included.
Additional information was also used to select data for use when multiple results were available for the same species. For example, fl ow-through exposures were selected over renewal and renewal over static. However, if only data from static exposures were available, they were used with caution. Where several stages of the same species were tested, the more sensitive stage (based on the EC or LC value) was used. For example, data from larval amphibians were selected over embryos, which are generally less sensitive (Richards and Kendall 2002 ) . The details of toxicity data included and excluded from SSDs are indicated in SI Table 1 .
Data for saltwater and freshwater, Palearctic and Nearctic, tropical and temperate organisms were not separated, as differences in sensitivity between these groups have been shown to be minimal, and their 5th centile concentrations (HC5s) are not signifi cantly different (Maltby et al. 2005 ) . Data from studies that used the formulated product were included as were those with the active ingredient; however, if data on both formulated and active ingredient were available, only data for the active ingredient were used. If toxicity values for more than one study were available for a species and they were of equal quality, the geometric mean of these values was used to construct the SSD.
For aquatic organisms, the most frequently reported toxicity data were effect concentrations (ECs) that cause some magnitude of effect. For instance, the EC 50 is the concentration that causes a 50% change in a measurement endpoint, such as growth or reproduction. When the effect is mortality, it is expressed as the lethal concentration that causes 50% mortality in a specifi ed duration of exposure, i.e., 96-h LC 50 . The HC5, based on acute LC 50 values, has been found to be protective of responses to CPY at the ecosystem level (Maltby et al. 2005 ) .
All durations of exposure from 2 to 5 d were included; durations >5 d were excluded from the SSDs. Analysis of the exposure profi les showed that concentrations greater than toxicity values were of short duration (median = 1 d) and that acute toxicity data were the most appropriate for the assessment. When toxicity values were reported for different periods of exposure, data for the longest period of exposure up to 5 d were included in the SSDs. Toxicity values excluded from the data set were LOEL, LOEC, NOEL, NOEC, MATC, unspecifi ed measures of effect, responses such as behavior, which are diffi cult to link to survival, development, and reproduction, and data from strains of insects that had been selected for resistance to chlorpyrifos. LC values such as LC 5 , LC 10 , LC 90 , and LC 99 were infrequently reported, cannot be combined with LC 50s , and were excluded from the assessment.
Species Sensitivity Distributions
As outlined in the Analysis Plan (Sect. 2.5 ), SSDs were used to characterize the toxicity of CPY to aquatic organisms. Data for different taxa were separated to better assess responses in relation to protection goals which might differ between taxa, for example, invertebrates and fi sh. Using SSDs to characterize toxicity of CPY is different from using SSDs to develop guidelines and criteria (CCME 2007 (CCME , 2008 .
SSDs were constructed and 5th centiles and their confi dence intervals calculated with the aid of the SSD Master Version 3.0 software (CCME 2013 ). This software is a series of macro statements that are executed in Microsoft Excel. Raw data are entered into a spreadsheet and a cumulative frequency distribution (CFD) is fi tted using the plotting positions calculated from the Hazen equation and log-transformed toxicity values to produce an SSD. The data are then fi tted to several models (normal, logistic, Extreme Value, and Gumbel) and information on goodness of fi t, HC5 and confi dence interval for each model is provided. Graphical displays of the SSDs are provided and can be inspected to select those that provide best fi t of the data in the region of interest, such as the lower tail of the SSD.
Ecotoxicological Profi les by Taxon
Data were evaluated by taxonomic groups, based on the mode of action and likely sensitivity. These groupings included: plants, crustaceans, insects, fi sh, amphibians, and other invertebrates. Where insuffi cient data were available to construct a SSD (≥8 species), such as for algae, amphibians, and invertebrates (other than crustaceans and insects), the data are presented in narrative. Results for each taxon are discussed in the following sections.
Plants . The only data on toxicity of CPY to plants were those generated with algae. All of the four species assessed (Table 2 ) were saltwater algae. Since there were <8 data points and only one study met the criterion for inclusion in the analysis, an SSD was not derived. The range of EC 50s for algae was from 138 to 769 μg CPY L −1 , which indicated that algae are relatively tolerant of exposure to chlorpyrifos. Given the mode of action and the lack of a critical mechanism of action or appropriate target site in plants, this is not surprising. Because of this lack of sensitivity, algae were not considered further in the ERA. It is very unlikely that plants would be affected by environmentally-relevant concentrations of CPY and that indirect effects would occur higher in the food web. Thus, protection of these other components of the food web would also be protective of plants in general and phytoplankton in particular.
Crustacea . Data for toxicity of CPY from 23 species of crustaceans met the criteria for inclusion in the analysis ( Table 2 ). The range of LC 50 s was from 0.035 to 457 μg CPY L −1
. The model for the cumulative frequency distribution (CFD) with the best fi t was the Gumbel (SI Table 4 , SI Fig. 1 ) and the SSD is shown in Fig. 3 . The HC5 (95%CI) was 0.034 (0.022-0.051) μg CPY L −1 (SI Table 4 ).
Insects . Toxicity data for CPY from 17 species of aquatic insects met the criteria for inclusion in the analysis ( Table 2 ). The range of LC 50 s was from 0.05 to >300 μg CPY L −1
. Two values were reported as "greater than" and were included in the calculations of the ranks for constructing the SSD (Fig. 4 ) . The Extreme Value model gave the best fi t for the CFD (SI Table 4 ), but visual inspection of the plots of the various models showed that the fi t in the lower tail was better for the Gumbel model (SI Fig. 1 ). The lower tail is where exceedences are more likely and, for this reason and for consistency with the other taxa, this model was used. The HC5 (95%CI) was 0.087 (0.057-0.133) μg CPY L −1 (SI Table 4 ).
Fish . Data for toxicity of CPY from 25 species of fi sh met the criteria for inclusion in the analysis (Table 2 ) . One value reported as "greater than" was included in the calculations of the ranks for constructing the SSD (Fig. 5 ) . The model that exhibited the best CFD fi t was Gumbel (SI Table 4 and SI Fig. 1 ). The range of LC 50 s was Table 4 ).
Aquatic stages of amphibians . Of the seven species assessed, only three studies met the QC criteria, and one of these was questionable. The range of LC 50 s was from 19 to a questionable value of 5,174 μg CPY L −1 (Table 2 ) . Because of the paucity of data, an SSD was not constructed. Larval stages of amphibians have been observed to be less sensitive than fi sh to a range of chemicals (Weltje et al. 2013 ) , and the toxicity data for fi sh can be extrapolated to and be protective of amphibians. Therefore, aquatic stages of amphibians were not considered further in the ERA.
Other invertebrates . Toxicity data for four other invertebrates were found ( Table 2 ) . The LC 50 of 12,000 μg CPY L −1 for Brachionus calycifl orus is consistent with the lack of sensitivity of rotifers to pesticides in general (Brock et al. 2000 ) . Similarly, the three LC/EC 50 values for aquatic mollusks ranged from 154 to >806 μg CPY L −1 , which also is consistent with general lack of sensitivity of this taxon to insecticides (Brock et al. 2000 ) . Because of general lack of sensitivity, these taxa were not considered further in the ERA.
Toxicity of CPY to benthos . There were few acute toxicity data for benthic organisms. Data from two species met the QC criteria (Table 3 ). LC 50 s for Hyalella azteca and Chironomus dilutus were 399 and 377 μg CPY kg −1 (dwt), respectively, or expressed in terms of organic carbon content of the sediment 2,122 and 4,815 ng g −1 organic carbon (OC), respectively. There were too few data to derive an SSD. Given that the concentration measured in the pore-water at the LC 50 was close to the water-only LC 50 (Ankley et al. 1994 ) , it was previously concluded (Giesy et al. 1999 ) that the risk assessment for aquatic organisms could be applied to benthos on the basis of equilibrium partitioning and that risk of CPY to benthos could be extrapolated from organisms in the water column.
Toxicity of CPYO . Insuffi cient toxicity data on the biologically active metabolite, CPYO, were available (Table 4 ) to construct an SSD. The LC 50 values relevant to risks to surface-water organisms were a 48-h LC 50 for D. magna of 1.9 μg CPYO L −1 and 96-h LC 50 of 1.1 μg CPYO L −1 in the bluegill sunfi sh L. macrochirus . The only toxicity value reported for amphibians was in larval Rana boylii , but the reported LC 50 value of >5 μg CPYO L −1 was from a study that did not meet the criteria for inclusion in the ERA. The LC 50 value for CPYO in D. magna was larger than CPY Table 2 ). Although CPYO is much more potent than CPY at the target (AChE), the molecule is very labile in aqueous solution (discussed below).
Evidence from Microcosms and Mesocosms
Chlorpyrifos has been the subject of a large number of studies in microcosms and mesocosms (Table 5 ) . Because the distinction between microcosms and mesocosms is primarily semantic, they are referred to jointly as "cosms" in the following discussion. Data from cosms add several types of realism to assessment of the potential effects of chemicals on aquatic organisms (Graney et al. 1995 ) . They allow for more realistic exposure scenarios because factors such as photolysis, microbial degradation and adsorption to aquatic plants and sediments (Giesy and Odum 1980 ; Graney et al. 1989 ) are included. Cosms also include dynamic interactions between and among species so that potential "ecosystem-level" effects can be evaluated, including predator-prey interactions in the larger systems (Giesy and Geiger 1980 ) . Early cosm studies of CPY were reviewed by Leeuwangh ( 1994 ) , Barron and Woodburn ( 1995 ) , and Giesy et al. ( 1999 ) . Since the publication of the Giesy et al. review, results of several cosm studies of CPY have featured prominently in comparisons of cosm studies, single-species laboratory toxicity tests, and regulatory benchmarks across classes of insecticides (Brock et al. 2000 (Brock et al. , 2006 Maltby et al. 2005 ; van Wijngaarden et al. 2005b ) . Several newer cosm studies have broadened the scope of conclusions about chlorpyrifos effects on aquatic communities to a wider range of locations and environmental conditions (Daam et al. 2008a , b ; López-Mancisidor et al. 2008a , b ; van Wijngaarden et al. 2005a ; Zafar et al. 2011 ) . The body of evidence from cosm studies is consistent in supporting the conclusion that concentrations of 0.1 μg CPY L −1 or less cause no ecologically signifi cant effects on aquatic communities. ( 1992 , 1993 , 1995) Indoor California ponds . Two studies on fates and effects of CPY were conducted in outdoor experimental ponds at Riverside, California (Hurlburt et al. 1970 ; 1972 ) . In the fi rst study, ponds were sprayed four times at 2-wk intervals at initial concentrations from 2 to 200 μg L −1 . In the second study, ponds were sprayed three times at 2-wk intervals to produce concentrations of 7.2 μg CPY L −1 and 72 μg L −1
. In both studies, the dominant zooplankton species, Cyclops vernalis and Moina micrura , were reduced, while Diaptomus pallidus and rotifers (especially Asplanchna brightwelli ) increased. The increases in D. pallidus and rotifers were attributed to reduced predation and competition. C. vernalis and M. micrura recovered in 1-3 wk at 7.2 μg L −1 and in 3-6 wk at 72 μg L −1
. Predaceous insects (notonectids and corixids) were affected and recovered slowly, while herbivorous insects were less affected and recovered more quickly. No effects were observed on the mosquitofi sh ( Gambusia affi nis ).
Minnesota littoral enclosures . In situ enclosures in the littoral region of a pond in Duluth, Minnesota were sprayed once with CPY to produce initial concentrations of 0.5, 5, and 20 μg L −1 (Brazner and Kline 1990 ; Siefert et al. 1989 ) . Cladocerans (fi ve species) and ostracods ( Cyclocypris ) decreased 4 d after treatment. Densities of copepods were slightly reduced in treated enclosures but were not signifi cantly less than controls. Rotifers were reduced at 0.5 μg L . Survival of fathead minnows ( Pimephales promelas ) was unaffected, but the study authors reported that P. promelas growth was reduced due to a reduction in invertebrate abundance. As discussed by Giesy et al. ( 1999 ) , the data from the study do not support this interpretation, and the effect on growth of P. promelas , if real, remains unexplained.
Kansas outdoor cosms . Outdoor pond cosms in Kansas were treated with CPY with initial concentrations of 0.03, 0.1, 0.3, 1, and 3 μg L −1 (Biever et al. 1994 ; Giddings 1993a , b ; Giddings et al. 1997 ; Giddings 2011 ) . In separate series of cosms, applications were made as a single surface spray, three CPY-treated slurry applications at 2-wk intervals, and a combination of the two. Results were similar in all three series, and only the single spray treatment will be summarized here.
The total abundance of copepods was reduced for ) D. pallidus increased soon after the chlorpyrifos application. An increase in D. pallidus after chlorpyrifos treatment was also observed by Hurlbert et al. ( 1972 ) , who noted that the increase took place only after numbers of C. vernalis had decreased. The numbers of cyclopoids, as well as most calanoids other than D. pallidus , were also reduced in the Kansas cosms. This pattern, observed in studies conducted 20 yr and 2,000 km apart, implies that (a) D. pallidus is less sensitive than cyclopoids to CPY, and (b) D. pallidus competes with cyclopoids for food, and therefore benefi ts from reductions in cyclopoid abundance. It has been reported that "the survival and reproduction of D. pallidus were substantially enhanced by the addition of rotifers to a threshold algal diet" (Williamson and Butler 1986 ) .The increase in D. pallidus at 3 μg L −1 may therefore have been partly a result of the increase in abundance of rotifers (see below).
The cladocerans were slightly less abundant at 0.3 μg L −1 than in controls, but only on d-43. Pronounced effects occurred at 1 μg L −1 (recovery by d-57) and 3 μg L −1 (recovery by d-43). No effects on total numbers of cladocerans were observed at 0.1 μg L −1 . The most abundant cladocerans were Chydorus sphaericus and Alona sp. C. sphaericus was most sensitive to CPY, while Alona was less sensitive and appeared to benefi t from changes that occurred at the greater concentrations.
There were no signifi cant differences in abundance of rotifers among CPY treatment levels on any sample event. The total numbers of the two major rotifer groups, Ploima and Flosculariaceae, were also unaffected by treatment with CPY. Total numbers of zooplankton were not signifi cantly reduced at any concentration on any sample event. The observed reductions in copepods and sensitive cladocerans were offset by increases in rotifers and more tolerant cladocerans.
Benthic insect communities in the cosms were dominated by Diptera and Ephemeroptera. Abundance of Diptera was signifi cantly reduced at 0.3 and 1 μg L No effects on Diptera, Ephemeroptera, or total benthic insects were observed at 0.1 μg L −1 . In terms of invertebrate community structure (based on Principal Response Curve (PRC) analysis) (Giddings 2011 ) and abundance of sensitive populations within the community, no ecologically relevant effects occurred at 0.1 μg L −1 .
Australian stream cosms . Two studies in Australia reported effects of CPY on invertebrate communities in large outdoor experimental streams (Pusey et al. 1994 ; Ward et al. 1995 ) . In the fi rst study, 6-h pulses of CPY were applied at 0.1 and 5 μg L Dutch ditch cosms . CPY has been the subject of several studies in indoor and outdoor cosms representing Dutch ditches at the Winand Staring Center, The Netherlands. The indoor cosms (Brock et al. 1992 ; 1993 ; Cuppen et al. 1995 ; van den Brink et al. 1995 ; Van Donk et al. 1995 ) were sprayed once, with an initial concentration of 35 μg CPY L −1
. Direct effects were observed on cladocerans, copepods, amphipods, isopods, and insects. An algal bloom occurred, as had also been observed in the California ponds (Hurlburt et al. 1970 ; 1972 ) and in the Minnesota enclosures (Siefert et al. 1989 ) . Taxa with no recolonization sources (such as insects, amphipods, and isopods) did not recover, but cage studies showed that Asellus aquaticus could survive when concentrations decreased to 1.3 μg L −1 ; and Chaoborus obscuripes , Cloeon dipterum , Gammarus pulex could survive when concentrations reached 0.2 μg CPY L −1 . The outdoor ditch enclosures were sprayed once with CPY concentrations of 0.1, 0.9, 6, and 44 μg L −1 (van den Brink et al. 1996 ; . No effects were observed at 0.1 μg L −1 . At greater concentrations, numbers of macroinvertebrates were reduced and shifts were observed in the relative abundance of different functional groups (reductions in the proportion of gatherers, increases in the proportions of fi lter feeders and shredders). Most taxa, other than G. pulex , recovered rapidly at all concentrations. G. pulex could not recover because there was no source of recolonization.
In further studies, macrophyte-dominated outdoor Dutch ditch cosms were treated with CPY under three different exposure regimes: a single application of 0.9 μg L −1 , three applications of 0.3 μg L −1 at 7-d intervals, and continuous application of 0.1 μg L −1 for 21 d using a pump (Zafar et al. 2011 ) . The three exposure regimes were designed to produce similar 21-d time-weighted averages of 0.1 μg L −1 . Under all exposure regimes, cladocerans and copepod nauplii were the most sensitive taxa of zooplankton, while numbers of rotifers increased. C. dipterum and Chaoborus sp. were the most sensitive taxa of macroinvertebrates. In both the zooplankton and insect communities, effects were observed immediately after the single application of 0.9 μg L −1 but occurred more slowly in the other treatments. Overall, effects on both the zooplankton and macroinvertebrate communities were more or less the same under all exposure regimes.
Indoor cosms simulating Mediterranean environments . Indoor, plankton-dominated microcosms were used to compare the responses of aquatic communities to CPY under conditions pertaining to Mediterranean regions (higher temperature and greater amounts of nutrients) with conditions representing cool temperate regions (van Wijngaarden et al. 2005a ) . CPY was applied once to give concentrations from 0.01 to 10 μg L −1 in water of microcosms. CPY dissipated more rapidly under Mediterranean than temperate conditions. As in previous studies, cladocerans and copepod nauplii were among the most sensitive taxa of zooplankton, while numbers of rotifers and adult copepods generally increased as the other groups declined.
The NOAEC for the most sensitive zooplankton populations and for the zooplankton community was 0.1 μg L −1 under both temperate and Mediterranean conditions. The phytoplankton community was altered and phytoplankton chlorophyll increased at 1 μg L −1 , but only under Mediterranean conditions. Overall, the study supported a community-level NOAEC value of 0.1 μg L ). These studies indicated that CPY caused no effects on zooplankton after single or multiple exposures to CPY at 0.1 μg L −1 .
Thailand outdoor cosms . In a study in 1-m 3 outdoor cosms in Thailand treated once 0.1, 1, 10, and 100 μg CPY L −1 , cladocerans ( Moina micrura ) were the most sensitive zooplankton taxa, with signifi cant reductions at 1, 10, and 100 μg L −1 (Daam et al. 2008a ). Other cladocerans ( Ceriodaphnia cornuta ), adult copepods, and copepod nauplii were reduced for 1 wk at 1 μg L −1 and then recovered. Some rotifers (including Keratella ) decreased at 100 μg L −1 , while other rotifer species increased. Among macroinvertebrates, Conchostraca (clam shrimp) were eliminated at the three greatest concentrations. Ostracods and corixids were reduced or eliminated at 10 μg CPY L ; all taxa of macroinvertebrates recovered by d-70 at all concentrations. Similar studies on the effects of CPY on zooplankton were conducted in 250-L outdoor cosms in Thailand, treated either once or twice (7-d interval) with 1 μg L −1 CPY (Daam et al. 2008b ). Cladocerans decreased, while copepods, rotifers, and ostracods increased; PRC indicated community recovery by d-32 in both treatments. Overall, the Thai cosm studies indicated a NOAEC of 0.1 μg L −1 .
Conclusions from cosm studies with CPY . Results of cosm studies of CPY summarized above (except the recent studies) were included in analyses by Brock et al. ( 2000 ) , van Wijngaarden et al. ( 2005b ) , Maltby et al. ( 2005 ) , and Brock et al. ( 2006 ) , in which the cosm results were compared with single-species toxicity data and regulatory benchmarks for various groups of insecticides. The summarized conclusions of these reviews are consistent with the earlier Giesy et al. ( 1999 ) ecological risk assessment, and are:
• Sensitivity of species in cosms is similar to the sensitivity of the same or related taxa in laboratory toxicity tests for single species. For CPY and other acetylcho-linesterase (AChE) inhibitors, Amphipoda, Cladocera, Copepoda, Trichoptera, Ephemeroptera, and Diptera are the most sensitive taxa in cosms, with effects observed at 0.1-to 1-times the LC 50 of the most sensitive standard test species. Effects on mollusks, annelids, and plants are observed at concentrations 10-100 times greater than the LC 50 of the most sensitive species. Most rotifers are unaffected at even greater concentrations.
• The ecosystem-level NOAEC (NOAEC eco ) is the concentration in which "no, or hardly any, effects on the structure and functioning of the studied (model) ecosystem are observed" (Fig. 6 , van Wijngaarden et al. 2005b ) . For CPY, the NOAEC eco for a single exposure is 0.1 μg L −1
. Effects are generally more severe with repeated or chronic exposure, but such exposure patterns are not typical for CPY . The NOAEC eco falls at the 23rd centile of the SSD for crustaceans, the most sensitive taxon for which data are available (Fig. 6 ) . This implies that use of the HC5 in the risk characterization errs on the side of protection.
• For inhibitors of AChE and other insecticides, sensitive crustaceans and insects in static systems usually recover within 8 wk of a single pulsed exposure below the LC 50 of the most sensitive species. For multiple applications, recovery occurs within 8 wk of the last application less than 0.1× the LC 50 (van Wijngaarden et al. 2005b ) . The extent and rate of recovery in cosms is determined by exposure concentration, life cycle, and ecological factors such as the degree of isolation of the test system from sources of recolonization. • Indirect effects are observed only at concentrations that cause pronounced effects on arthropods. The most common indirect effects observed are an increase of algae and an increase of less sensitive herbivores such as rotifers and snails.
• Results in lotic cosms are similar to those in lentic cosms, for CPY and for other insecticides that target AChE.
• Consistent results are obtained from cosm studies conducted in different geographical locations and under different experimental conditions.
Reports of Field Incidents in U.S. Surface Waters
Prior to 2000, there were 44 incidents in a period of 3 yr involving fi sh-kills and confi rmed exposure to CPY, largely associated with improper application of CPY as a termiticide (summarized in Giesy et al. 1999 ) . Not all incidents involving reports of adverse effects of pesticides in humans and the environment are reported to the USEPA, but a search of the US EPA's Aggregate Incident Summary Report by Ingredient revealed no moderate or minor incidents associated with surface waters and CPY or products containing CPY between January 2002 ). All incidents were linked to misuse, and there was no indication that normal use of CPY in agriculture has resulted in fi sh kills.
Characterization of Risks
Where suffi cient data were available, such as for surface waters, risks posed by CPY to aquatic organisms were characterized by comparison of measured and predicted concentrations to SSDs of acute toxicity values. For sediments, where fewer toxicity data were available, simple quotients of exposure concentrations to single toxicity values (risk quotients, RQs) were utilized.
Risks from Measured Exposures
Risks for CPY in surface waters . There is a relatively large database of measured concentrations of CPY in surface waters (see detailed characterization in Sect. 3.1 in Williams et al. 2014 ) . In almost all of these data sets, frequency of sampling was too small to allow exposures to be characterized as 96-h time-weighted-mean concentrations for direct comparison to 96-h toxicity values. However, comparisons in relation to changes in the use of CPY were possible. The greatest annual 95th centiles of concentrations measured in surfaces waters by the US Geological Survey before and after the introduction of new labels in 2001 clearly shows the reductions in exposures and risks that resulted from the changed use pattern (Fig. 6 and Table 6 ). (Table 3 ) to the greatest concentration (58.6 μg kg Risks from CPYO . As discussed in a companion paper , CPYO is formed from CPY in the environment and in vivo but has seldom been detectable in surface waters (see Sect. 4 in Williams et al. 2014 ) . The National Water Quality Assessment (NAWQA) database included results of 7,098 analyses for CPYO in surface water samples between (NAWQA 2012 . CPYO was detected in 16 samples (detection rate of 0.23%), and the greatest estimated concentration (i.e., >LOD but <LOQ) was 0.0543 μg CPYO L −1
. Similar results were found in the National Stream Quality Accounting Network (NASQAN) database (NASQAN 2012 ), (LeNoir et al. 1999 ) , CPYO was detected at concentrations ranging from 0.024 to 0.037 μg CPYO L −1 as compared to CPY which ranged from 0.089 to 0.124 μg CPY L −1 at the same locations. Thus, the frequency of detection was small and the concentrations, when measurable, also were small.
Risks from measured concentrations of CPYO were all small. The RQ for the greatest measured concentration of CPYO in surface waters (0.054 μg L −1
) and the LC 50 of 1.1 μg L −1 for the most sensitive freshwater (FW) organism tested ( L. macrochirus ) was 0.049, which is below the level of concern (LOC) for highly valued species (USEPA 2004 ) .
The small estimated risks from CPYO are supported by several lines of evidence. CPYO is formed from CPY in the atmosphere and is detected in air near sites of application and at more distant locations (see discussion in Mackay et al. 2014 ). Because CPYO is more polar than CPY (log KOW of 2.89 vs. 5, Tables 5 and 6 in Mackay et al. 2014 ) it would be expected to partition into precipitation and accumulate to a greater extent than CPY in surface waters. However, this does not occur; for example, LeNoir et al. ( 1999 ) showed that CPYO was detected in water at smaller concentrations than CPY, the opposite of those in air sampled at the same locations. The most likely reason for this is the greater rate of hydrolysis of CPYO compared to CPY with half-lives of 13 d vs. 30-50 d, respectively (Tables 7 and 6 in Mackay et al. 2014 ). Since CPYO is more polar than CPY , it would not be expected to be taken up into and accumulate in organisms as much as CPY. Finally, because CPYO is the active toxic form of CPY and is transformed in vivo , the toxicity of CPYO would be implicitly included in toxicity testing in the laboratory and cosms where animals are exposed to CPY. For all these reasons, environmental risks from CPYO were smaller than those for CPY. Therefore, a separate and detailed risk assessment was not required.
Risks from Modeled Exposures to CPY
Probabilistic analysis of risks . The higher-tier modeling of CPY concentrations in surface waters for three scenarios of intensive use and vulnerability to runoff and contamination of surface waters ( Sect. 6.2 in Williams et al. 2014 ) provided frequency distributions of annual maximum 96-h time-weighted mean concentrations. These values could then be compared to distributions of 48-to 96-h toxicity values from the SSDs (Sect. 3.2 ) using probabilistic approaches. To characterize the risks graphically, these values were used to construct joint probability curves (JPCs, ECOFRAM 1999 ; Giesy et al. 1999 ) . Reference lines proposed for interpretation of JPCs (Moore et al. 2010 ) were added to the graphs.
The JPCs for the concentrations modeled in Orestimba Creek, CA (Fig. 7 ) showed that fi sh and insects were at de minimis risk. The line for crustaceans was slightly above the reference line for low risk, indicating that some species of crustaceans are at low (but not de minimis ) risk of adverse effects in this use scenario.
The JPC for concentrations modeled in another focus-scenario, Cedar Creek, MI (Fig. 8 ) indicated de minimis risk for crustaceans, insects, and fi sh. The modeled concentrations in the other focus-scenario, Dry Creek, GA were smaller than those in Cedar Creek, MI ( Table 8 in Williams et al. 2014 ) , hence, these risks also were de minimis (JPC not shown). Overall, the probabilistic analyses of these data suggest that risks from direct effects of CPY on fi sh are de minimis in all areas of use. In most areas of use, as exemplifi ed by the modeling of concentrations in Cedar Creek, MI and Dry Creek, GA, risks to insects and crustaceans will be de minimis as well. Low risk is also predicted for crustaceans in Orestimba Creek, CA, an intensive-use scenario that reasonably exemplifi es the worst-case.
There were insuffi cient toxicity data for CPY in sediment to conduct a probabilistic assessment of risk. However, comparison of the 10-d LC 50 toxicity values for H. azteca and C. dilutus (Table 3 ) Risks from repeated exposures to CPY . The risks of CPY were further evaluated by considering the duration of exposure and the time between exposures that were predicted by SWAT for watersheds in Michigan, Georgia, and California. The analysis was conducted using the RADAR program (ECOFRAM 1999 ; Williams et al. 2014 ) . RADAR analyzes the daily time-series of exposure estimates to identify events in which concentrations exceed a pre-defi ned threshold, calculate the duration of each event, and determine the time between events (recovery time). The NOAECeco from the cosm studies, 0.1 μg L −1 , was used as the threshold in this analysis. The full results are presented in SI Appendix E of Williams et al. ( 2014 ) . No events occurred in the Georgia watershed, and none in the Michigan watershed when the 28-d half-life was used. With a 96-d half-life, there were three events in the Michigan watershed, all of 1-d duration and with at least 1,240 d between events. The short event durations and long intervals between events imply that no exposures in the Michigan watershed would result in ecologically signifi cant effects.
Over the 10-yr simulation in the California watershed, there were 10 events (28-d half-life) or 35 events (96-d half-life), in which concentrations exceeded 0.1 μg L −1 . The minimum and median event durations in the California watershed were 1 d for both half-lives, and the maximum event durations were 11 d and 15 d using the 28-d and 96-d half-lives, respectively. Recovery times ranged from 1 to >1,892 d. Using either half-life, recovery times in half of the events were greater than 14 d, long enough for toxicodynamic recovery from AChE inhibition in crustaceans and insects (Sect. 2.2 ). About one-third of these events had recovery times greater than 56 d, long enough for toxicodynamic recovery in fi sh (Sect. 2.2 ) and for ecological Williams et al. ( 2014 ) recovery in cosms (Sect. 3.4 ). Only three or four events (for the 96-d and 28-d half-lives, respectively) had durations of 4 d or greater and recovery times less than 56 d. These results suggest that ecologically signifi cant single and repeated exposure events were rare, even in the high-exposure California scenario.
Conclusions
This ecological risk assessment of CPY and its oxon CPYO built upon a previous assessment (Giesy et al. 1999 ) and was refi ned to address changes in the labeled uses, different use patterns, and new toxicity data. Exposure data were taken from Williams et al. ( 2014 ) , which characterizes measured and modeled concentrations of CPY in surface waters of the U.S.
The major pathway for exposures to CPY in surface waters is direct accumulation from water, rather than through diet or from sediments. CPY adsorbs strongly to sediments, and this mitigates exposures to benthic invertebrates via sediment. CPY's sediment behavior is consistent with the fact that toxicity is less frequently observed to occur via sediment than water under fi eld testing conditions. The focus of the ERA was thus directed mostly to surface waters and water-column organisms.
Because exposures to CPY in fl owing surface waters are episodic with durations usually less than 2 d , recovery of organisms between pulses can reduce overall risks, but frequent pulses with short recovery periods could result in cumulative damage and cumulative risks. The few studies that have characterized recovery of the target enzyme (AChE) from CPY suggest that invertebrates recover more rapidly than fi sh. These recovery periods were from 1 to ~7 d for invertebrates, and periods of the order of 4-8 wk might be required for complete recovery of AChE in fi sh. These periods were considered in the risk assessment. In situations where there is potential for multiple pulsed exposures, a more complex model could be developed that includes accumulation, time to effects and species-specifi c rates of recovery of AChE. In this assessment of risk, to be conservative, it was assumed that recovery in all organisms would be at the upper bound of observed times (2-8 wk). This assumption likely results in an overestimate of risk.
Characterization of acute toxicity of CPY showed that crustaceans were most sensitive to CPY (HC5 = 0.034 μg CPY L ). The little data available for aquatic stages of amphibians suggested that they were less sensitive to CPY than fi sh. Thus fi sh were protective of amphibians, and amphibians would only need to be considered in an ERA if fi sh were affected. This was not the case for CPY.
Assessment of the results of a large number of studies of the effects of CPY in cosms suggested that the no observed adverse effect concentration in these systems (NOAEC eco ) was 0.1 μg L −1 . These data were derived from single and multiple exposures to CPY and support the conclusion that the HC5s for insects and crustaceans from acute toxicity studies are predictive and protective of toxicity under conditions more relevant to the fi eld. Results for cosms thus provided another line of evidence for characterization of the risks of CPY under conditions that are more representative of conditions in the fi eld.
Risks to aquatic organisms from measured exposures were assessed by comparing the 95th centile concentrations to the HC5s for the SSDs. These data may not fully capture peak exposures but suggested that there were de minimis risks for all aquatic organisms from exposures measured after use patterns were changed in 2001. The analyses also showed that risks had decreased from those prior to 2001, which leads to the conclusion that the changes made in 2001 and 2005 to the labeled use patterns, and possibly other changes in general pesticide stewardship, mitigated CPY exposures and reduced risks.
Estimated exposures from models for three focus-scenarios, representing greater vulnerability to exposures than other use scenarios , allowed the assessment of risks based on 96-h time-weighted-mean concentrations that were matched to the 48-96 h toxicity data. Based on the joint probabilities of distributions of data for exposure and toxicity, we concluded that risks for fi sh and aquatic stages of insects were de minimis in all three regions. However, in the intensive-use scenario of Orestimba Creek, in California, risk to crustaceans was greater and deemed to be not de minimis . Further analysis of risks from repeated exposures to CPY, in these three focus-scenarios, confi rmed the de minimis risks to crustaceans, insects, and fi sh in the focus-scenarios in GA and MI. Repeated exposures in Orestimba Creek, CA suggested small risks to fi sh, insects, and crustaceans. We concluded that repeated exposures to insects and crustaceans would not be ecologically relevant because of the potential for rapid recovery in these taxa. Risks for fi sh may be somewhat greater because there is more uncertainty regarding recovery of the target enzyme AChE and because of their longer reproductive cycles. The lack of fi sh-kills since 2002 in the U.S. that were associated with confi rmed exposure to CPY is consistent with the small risks to fi sh and the smaller exposures in surface waters since the change in the labeled uses.
Too few data on toxicity of CPYO were available to conduct a probabilistic risk assessment but, on the basis of the available data and the large margins of exposure, we concluded that risks of CPYO to aquatic organisms were de minimis . CPYO is the active metabolite of CPY, and its toxicity is subsumed by the parent CPY. It is thus not surprising that CPYO's toxicity is similar to that of CPY. CPYO is more rapidly hydrolyzed in water and is more polar than CPY and is less likely to be taken up into aquatic organisms. Detections of CPYO in surface waters were infrequent, and the concentrations were all less than toxicologically signifi cant values for the one fi sh and one invertebrate for which data were available. This ERA was supported by several strong data-sets. There is a good database of toxicity values for CPY, and many of these tests are of high quality. They are certainly suffi cient to characterize acute toxicity to insects, crustaceans, and fi sh. There are also large sets of data for measured values in surface waters in a number of locations, including areas of intensive use, where greater exposures would be expected. Several studies conducted in cosms, some of excellent quality, are available to provide points of reference for the SSDs and information on recovery of invertebrates from exposures to CPY. These strengths have helped reduce uncertainty in the ERA since these cosms included a number of taxa for which there were few toxicity data from laboratory studies. These cosms provide data on responses of aquatic organisms to CPY under realistic conditions. Just as there were strengths in the ERA there were several areas of uncertainty, some more relevant than others. There were few usable toxicity data from amphibians, but evaluations of the relative sensitivity of fi sh and amphibians to several classes of toxicants (Weltje et al. 2013 ) suggest that toxicity data from fi sh can provide equivalency for amphibians. There were few data on recovery of AChE, the target enzyme for CPY, in aquatic organisms, and this is an uncertainty in the analysis of the relevance of the duration between exposure-events. Because of this, longer and more conservative durations were used in the assessment. In addition, this is an uncertainty that is relevant to all organophosphorus insecticides, as they share the same target enzyme and toxicodynamics of recovery.
There was uncertainty with regard to the demonstrated effects of CPY on behavior and the relevance of these to survival, growth, development, and reproduction (SGDR). Pesticides that target the nervous system are expected to cause effects on behavior, but it is diffi cult to determine the relevance of these responses to SGDR. For invertebrates in cosms, all responses, including those mediated by behavioral effects, are subsumed into the responses and recovery of exposed populations and communities and are refl ected in the NOAEC eco of 0.1 μg L −1
. Data to extrapolate behavioral responses to SGDR for fi sh and other vertebrates are not available for CPY or, for that matter, all other pesticides that target the nervous system. This is a general uncertainty that has still to be addressed in the science of ERA.
When this ERA was initiated, there was uncertainty about the relevance of the formation of CPYO from the parent, CPY, and how this might infl uence risks. While still somewhat uncertain, this issue is judged to be of lesser relevance than that of CPY itself. There are several lines of evidence to support this conclusion. The oxon is an integral component of the toxicodynamics of CPY and is formed in vivo . Toxicity of the oxon in aquatic organisms is not vastly or consistently different from that of the parent CPY, and, to some degree is included in the toxicity studies with CPY. The oxon is more rapidly hydrolyzed in the environment, partitions more into water, and is less likely to bioconcentrate into organisms than CPY (see discussions in the companion paper, Mackay et al. 2014 ).
Summary
The risk of chlorpyrifos (CPY) to aquatic organisms in surface water of North America was assessed using measured concentrations in surface waters and modeling of exposures to provide daily concentrations that better characterize peak exposures. Ecological effects were compared with results of standard laboratory toxicity tests with single species as well as microcosm and mesocosm studies comprised of complex aquatic communities. The upper 90th centile 96-h concentrations (annual maxima) of chlorpyrifos in small streams in agricultural watersheds in Michigan and Georgia were estimated to be ≤0.02 μg L −1 ; in a reasonable worstcase California watershed, the 90th centile 96-h annual maximum concentrations ranged from 1.32 to 1.54 μg L −1 . Measured concentrations of chlorpyrifos are less than estimates from simulation models. The 95th centile for more than 10,000 records compiled by the US Geological Survey was 0.008 μg L −1 . Acute toxicity endpoints for 23 species of crustaceans ranged from 0.035 to 457 μg L . These results indicated that concentrations of CPY in surface waters are rarely great enough to cause acute toxicity to even the most sensitive aquatic species. This conclusion is consistent with the lack of fi shkills reported for CPY's normal use in agriculture in the U.S.
Analysis of measured exposures showed that concentrations in surface waters declined after labeled use-patterns changed in 2001, and resulted in decreased risks for crustaceans, aquatic stages of insects, and fi sh. Probabilistic analysis of 96-h time-weighted mean concentrations, predicted by use of model simulation for three focus-scenarios selected for regions of more intense use of CPY and vulnerability to runoff, showed that risks from individual and repeated exposures to CPY in the Georgia and Michigan watersheds were de minimis . Risks from individual exposures in the intense-use scenario from California were de minimis for fi sh and insects and low for crustaceans. Risks from repeated exposures in the California intense-use scenario were judged not to be ecologically relevant for insects and fi sh, but there were some risks to crustaceans. Limited data show that chlorpyrifos oxon (CPYO), the active metabolite of CPY is of similar toxicity to the parent compound. Concentrations of CPYO in surface waters are smaller than those of CPY and less frequently detected. Risks for CPYO in aquatic organisms were judged to be de minimis .
Several uncertainties common to all AChE inhibitors were identifi ed. Insuffi cient data were available to allow interpretation of the relevance of effects of CPY (and other pesticides that also target AChE) on behavior to assessment endpoints such as survival, growth, development, and reproduction. Data on the recovery of AChE from inhibition by CPY in fi sh are limited. Such data are relevant to the characterization of risks from repeated exposures, and represent an uncertainty in the assessment of risks for CPY and other pesticides that share the same target and toxicodynamics. More intensive monitoring of areas of greater use and more comprehensive models of cumulative effects that include rates of accumulation, metabolism and recovery of AChE in the more sensitive species would be useful in reducing this uncertainty.
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